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A B S T R A C T

Saltmarshes provide key ecosystem services, including atmospheric CO2 sequestration and nitrogen burial in 
sediments. In recent decades, these blue carbon ecosystems have faced significant degradation from natural and 
anthropogenic stressors. In this study, rewilding of a desiccated saltmarsh in Cadiz Bay (SW Spain) was assessed 
as a nature-based solution to restore carbon (Corg) and nitrogen (NT) storage. The rewilding process began in 
2004 after breaching an external tidal wall. We evaluated changes in vegetated and unvegetated areas using 
Landsat satellite imagery (1994–2024) and quantified Corg and NT stocks and burial rates in wild and rewilded 
sediments, including vegetated saltmarsh (Sarcocornia sp.) and bare sediments colonized by microphytobenthos 
(MPB). Vegetated saltmarsh cover increased by 85% over 20 years, at an average recovery rate of 5 ha y− 1, 
concurrent with a decrease in unvegetated tidal flats. Average Corg stocks in the top 1 m ranged from 32 to 57 t 
Corg ha− 1, with higher values in vegetated sediments. However, only 5–12% of Corg was stored during the 
rewilding period. Corg burial rates averaged 69 g Corg m− 2 y− 1, and NT stocks were 55% higher in rewilded 
sediments than in wild ones (3.6 vs. 1.6 t NT ha− 1). Despite vegetation recovery, burial rates of Corg and NT did 
not increase clearly, suggesting that long-term storage may be influenced by factors beyond rewilding. Less than 
8% of sedimentary Corg originated from saltmarsh vegetation, indicating the dominance of allochthonous 
sources. These findings highlight the complexity of biogeochemical recovery in rewilded saltmarshes and un
derscore the need for long-term monitoring to determine how much time is truly required for Corg and NT 
recovery.

1. Introduction

Saltmarshes are dynamic coastal environments, providing a wide 
range of essential ecosystem services, including coastal protection, 
carbon sequestration, nutrient cycling, biodiversity support, and op
portunities for recreation and sustainable livelihoods (Barbier et al., 
2011; Martin et al., 2020). Among these, their role as blue carbon res
ervoirs, as well as their capacity to retain and process other nutrients 
such as nitrogen, is particularly significant for mitigating climate change 
and eutrophication (Duarte et al., 2005; Howard et al., 2017). Blue 
carbon refers to the organic carbon (Corg) captured and stored by coastal 
ecosystems, such as wetlands (i.e., saltmarshes, mangroves, and inter
tidal seagrass meadows) or subtidal ecosystems (Macreadie et al., 2019; 

McLeod et al., 2011), and is usually quantified as the Corg stored within 
the first meter of marine sediments over the long term (Howard et al., 
2014). Photosynthetic organisms fix atmospheric CO2, which is incor
porated into plant debris and detritus that accumulates in the sediment. 
Low-oxygen conditions slow OM decomposition, allowing Corg to build 
up and become buried over time, including both locally produced 
(autochthonous) and externally derived OM (allochthonous) (Duarte 
et al., 2005; Middelburg et al., 1997). Among these ecosystems, salt
marshes are the second most effective in carbon sequestration and 
storage, despite covering less than 2% of the global ocean area (Murray 
et al., 2019). They are estimated to store up to 400 t Corg ha− 1 in their 
sediments over the long term, equivalent to approximately 1467 t CO2 
ha− 1, highlighting their importance as a significant carbon sink within 
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coastal ecosystems (Mason et al., 2023; Temmink et al., 2022).
In addition to Corg sequestration, saltmarshes play a crucial role in 

many biogeochemical processes, particularly in the removal of total 
nitrogen (NT) from the water column and its retention in sediments. N 
biogeochemical cycling is complex and occurs in sediments through 
multiple microbial pathways in oxic and anoxic conditions. Under 
anoxic conditions, a fraction of Corg is mineralised through denitrifica
tion, a process that converts dissolved inorganic nitrogen, mainly nitrate 
(NO3

− ), into dinitrogen gas (N2), which is subsequently released to the 
atmosphere (Moseman-Valtierra et al., 2011; Yang et al., 2022). Deni
trification alleviates eutrophication by removing reactive nitrogen from 
the water column, but it can also contribute to the greenhouse effect due 
to the release of nitrous oxide (N2O) as a by-product (Burden et al., 
2013). However, a significant fraction of nitrogen may also be retained 
in sediments via OM burial or adsorption onto sediment particles. 
Overall, recent estimates indicate that saltmarsh sediments, in addition 
to Corg, retain NT, as both variables are frequently correlated. Never
theless, few studies have examined NT density profiles or quantified the 
NT reservoir in tidal sediments (Casal-Porras et al., 2022; Martins et al., 
2022; Santos et al., 2019).

Despite their crucial role in sequestration Corg and retaining NT in 
sediments, saltmarshes are under significant threat from human activ
ities, with global losses of saltmarsh areas estimated between 25% and 
50% since the early 20th century (Burden et al., 2013; Duarte et al., 
2005; Pendleton et al., 2012). Larger losses are also expected due to 
climate change-driven processes, including sea-level rise and increased 
storm frequency and intensity (Saintilan et al., 2022). Saltmarshes have 
been extensively degraded due to land reclamation for agriculture, 
aquaculture, salt production, port development, and other uses, 
frequently leading to the alteration of their hydrological regimes and 
desiccation. Saltmarsh desiccation alters the biogeochemical conditions 
of the sediment, shifting natural anaerobic conditions to aerobic (Gore 
et al., 2024). This change facilitates the remineralization of Corg stored 
within sediments, resulting in CO2 release into the water and/or air, as 
well as substantial losses of ecosystem functions and services. Moreover, 
anthropogenic nutrient inputs from agriculture, livestock farming, and 
other activities have intensified eutrophication in these altered systems 
as well (Lotze et al., 2006; Mei et al., 2025; Pendleton et al., 2012).

Effective recovery and conservation of ecosystem services and 
functions depend on mitigating anthropogenic pressures and restoring 
the natural role of degraded habitats (Adams et al., 2021; Pétillon et al., 
2023). Ecological restoration aims to assist the recovery of a damaged or 
degraded ecosystem toward a specified reference condition, by means of 
active human interventions to accelerate or enhance the process 
(McDonald et al., 2016; Perino et al., 2019). In contrast, rewilding has 
emerged more recently as an alternative and complementary 
nature-based approach, in which the main focus is not to recreate a 
previous target ecological community or function, but to allow the 
development of a well-functioning and resilient ecosystem governed by 
natural processes rather than human management (Pettorelli and 
Bullock, 2023). Rewilding can occur without human intervention or be 
initiated by minimal interventions that remove anthropogenic con
straints, after which ecosystem recovery proceeds primarily through 
natural processes; this pathway is also referred to as natural regenera
tion or passive restoration (Gann et al., 2019). Within its regulatory 
framework, the European Union (EU) has recently approved the Nature 
Restoration Law (EU Regulation, 2024/1991) to restore at least 20% of 
the EU's degraded coastal ecosystems, including saltmarshes, by 2030 
and to promote their long-term resilience.

These conceptual and regulatory developments have coincided with 
a growing scientific interest in saltmarsh recovery, as evidenced by the 
exponential increase in studies over the last 20 years. So far, most 
saltmarsh recovery studies have been done in the United States (58%), 
followed by Europe (35%), particularly in the UK (9%), with important 
contributions from Australia and China in recent years (Mason et al., 
2023). Most of these studies investigated active human interventions of 

different intensities (e.g., species reintroduction, habitat modification, 
or environmental management actions) on degraded saltmarshes (82%), 
whereas only about 18% addressed passive approaches (Gonçalves et al., 
2024). The elimination of physical barriers to tidal flow in desiccated 
saltmarshes, which can occur naturally (e.g., storm-induced breaches) 
or through minimal, one-time human intervention, represents a 
rewilding approach that helps restore natural hydrological regimes and 
sediment dynamics and promotes the growth of saltmarsh vegetation. 
Tidal restoration has been shown to enhance key ecosystem services, 
such as the sequestration of Corg and the retention of NT in sediments, 
contributing to nutrient regulation in coastal systems (Beers et al., 2020; 
Stewart-Sinclair et al., 2024). Sedimentary Corg and NT dynamics are 
shaped by tidal regime, vegetation zonation, sedimentation rates, and 
microbial biogeochemical cycling, which influence OM mineralization, 
nutrient transformation, and long-term storage (Barry et al., 2022; de los 
Santos et al., 2023; Jiménez-Arias et al., 2020). Further research is 
needed to investigate how re-establishment of natural hydrological re
gimes affects saltmarsh recovery, sediment biogeochemistry and 
ecosystem functioning. Freely available multispectral satellite imagery, 
such as the Landsat series (30 m spatial resolution, operational since the 
late 1980s) and Sentinel-2 (10 m, since 2015), provide an effective tool 
to monitor spatiotemporal changes in intertidal photosynthetic com
munities and assess the outcomes of restoration or rewilding processes 
(Curcio et al., 2023; Haro et al., 2022; Lopes et al., 2019; Naojee et al., 
2024).

Here, we analyse rewilding as a nature-based solution for a desic
cated saltmarsh in a tidal channel within the Cadiz Bay Natural Park, 
southwest Spain (Fig. 1). The specific objectives are: 1) to evaluate 
spatiotemporal changes in bare sediment communities (unvegetated 
sediment) and the higher plant saltmarsh vegetation (vegetated sedi
ment) after the breach of the tidal wall in 2004, using Landsat imagery, 
in comparison with a nearby reference saltmarsh, from 1994 to 2024; 2) 
to quantify and compare Corg and NT storage in the unvegetated and 
vegetated sediments of reference and rewilded saltmarshes at depths of 
up to 100 cm, with particular attention to the Corg and NT buried and 
stored after two decades of rewilding; and 3) to investigate the possible 
differences in the origin of Corg, through δ13C isotopic analysis, accu
mulated in both vegetated and unvegetated sediments of both the 
reference saltmarsh and the saltmarsh undergoing the rewilding process. 
This research highlights the role of saltmarsh rewilding in enhancing the 
storage of Corg and NT, and in restoring ecosystem services that support 
climate regulation and help control eutrophication.

2. Methodology

2.1. Study area

Corg and NT storage in sediments were quantified in a reference 
mature saltmarsh located in ‘Los Toruños’ Metropolitan Park (hereafter 
referred to as wild saltmarsh, 36◦ 34′ 33.07″ N, 6◦ 12′ 40.57″ W) and in a 
saltmarsh undergoing a rewilding process in the Rio de San Pedro tidal 
channel (hereafter referred to as rewilded saltmarsh, 36◦ 33′49.65″ N, 6◦

11′ 46.61″ W), both located within the boundaries of Cadiz Bay Natural 
Park, SW Spain (Fig. 1). Cadiz Bay has tidal ranges of approximately 2–4 
m (neap and spring tides, respectively) and a moderate wave climate 
that propagates mainly from the Atlantic Ocean with a limited incursion 
inside the bay (González et al., 2023; Zarzuelo et al., 2023). The 
rewilded saltmarsh was desiccated in 1958 for its transformation to 
agricultural land through the construction of an embankment or tidal 
wall that restricted tidal flow (Fig. S1) (Gracia et al., 2017). However, 
due to the high salinity of the soils, cultivation was not feasible, and the 
tidal wall was partially opened in 2004. This minimal, one-time human 
intervention, consisting of the breaching of the tidal wall, removed an 
anthropogenic barrier and reinstated natural tidal dynamics, leading to 
a progressive natural recovery of the saltmarsh and initiating the 
rewilding process without further management actions (de Lomas et al., 
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2008). To study the effects of the rewilding process on saltmarsh vege
tation, 588.9 ha of rewilded saltmarsh was assessed using Landsat series 
imagery. In addition, a nearby area of 45.5 ha of wild saltmarsh was 
selected exclusively as a reference area to demonstrate that the temporal 
changes observed in saltmarsh vegetation in the rewilded saltmarsh are 
unlikely to be driven solely by regional or natural variability. This 
reference area was not used to estimate vegetation recovery rates or to 
scale biogeochemical rates, thereby avoiding potential biases related to 
differences in saltmarsh size. In general, the Cadiz Bay Natural Park 
coastal system consists of saltmarshes, characterized by low-to mid-
marsh zones dominated by Sporobolus maritimus and Sarcocornia sp., 
respectively, and adjacent tidal flats, which are bare sediments mainly 
covered by benthic microalgae (microphytobenthos, MPB) (Curcio et al., 
2023).

2.2. Monitoring saltmarsh vegetation recovery using landsat series 
imagery

Landsat series satellite imagery from the Landsat-5 and Landsat-8 
missions was used to monitor saltmarsh vegetation recovery between 
1994 and 2024 (10 years before and 20 years after the opening of the 
wall). The study area was delineated using a manually predefined 
polygon representing the extent of the saltmarsh under recovery (i.e., 
undergoing rewilding), traced from Google Earth (shapefile; green line; 
Fig. 1). Landsat images were manually selected for each summer (one 
per year; Table S1), ensuring acquisition during low tide and under 
cloud-free conditions. Image visualizations (True Colour and False 
Colour composites) were performed through the Copernicus Data Space 
Ecosystem (https://browser.dataspace.copernicus.eu). True-colour 
composites were generated by combining the red, green, and blue 
bands (Bands 3-2-1 for Landsat 5 TM and Bands 4-3-2 for Landsat 8 OLI) 
and False-colour composites were created using near-infrared, red, and 
green bands (Bands 4-3-2 for Landsat 5 TM and Bands 5-4-3 for Landsat 
8 OLI). Subsequently, the preselected images were processed by means 

of the Google Earth Engine (GEE) platform (Earth Engine Code Editor; 
https://code.earthengine.google.com/). Two imagery collections 
(Collection 2; Tier 1; Level 2) were utilized: Landsat-5, covering the 
period from 1994 to 2012, and Landsat-8, from 2013 to 2024.

The GEE workflow was structured as follows. Surface reflectance 
values of the optical bands were adjusted using a scaling factor in 
accordance with Landsat specifications (https://www.usgs.gov/landsa 
t-missions/landsat-collection-2-level-2-science-products). Reflectance 
bands were scaled using the equation: Scaled value = Original value ×
0.0000275 − 0.2. Subsequently, the Normalized Difference Vegetation 
Index (NDVI) was calculated for each image using reflectance from the 
near-infrared (NIR; Band 4 for Landsat-5 and Band 5 for Landsat-8) and 
red bands (Band 3 for Landsat-5 and Band 4 for Landsat-8), following the 
equation NDVI = (NIR − Red)/(NIR + Red). A threshold of NDVI ≥0.25 
was applied to isolate areas covered by saltmarsh vegetation, while bare 
sediment, with or without MPB, was classified with NDVI values be
tween 0 and 0.249. In inner Cadiz Bay, NDVI threshold of 0.3 have been 
used previously to isolate saltmarsh vegetation (Curcio et al., 2023), 
while maximum NDVI values for MPB remain below 0.35 (Haro et al., 
2022), resulting in only a slight potential overlap. However, as MPB has 
been shown to reach higher biomass (i.e., NDVI values) during winter in 
temperate southern European tidal systems (e.g., the inner Cadiz Bay), 
and all analysed images were acquired during summer, this overlap is 
effectively negligible. Thus, the selected threshold of 0.25 is conserva
tive and reliably distinguishes saltmarsh vegetation from MPB. Water 
was identified using the Normalized Difference Water Index (NDWI) 
with values > 0. Each NDVI raster was then clipped to the predefined 
study area polygon to focus on the target ecosystem, and the processed 
rasters were exported to Google Drive as GeoTIFF files with a spatial 
resolution of 30 m, using the UTM Zone 29N coordinate reference sys
tem (EPSG:32629).

Once the NDVI rasters were downloaded, they were mapped and 
analysed using QGIS software (version 3.10, ‘A Coruña’). Annual vari
ability for each category (saltmarsh vegetation, bare sediment with 

Fig. 1. Sampling points in a wild saltmarsh (orange point) and a rewilded saltmarsh (green point) at the boundary of the Cadiz Bay Natural Park, where nutrient 
storage was quantified. Saltmarsh rewilding (green polygon) in the Rio San Pedro tidal channel (Cadiz Bay, SW Spain) began in 2004 with an intervention involving 
the opening of the external tidal wall (indicated in red). The wild saltmarsh (orange polygon) was used as a control for comparison with the rewilded site. Both sites 
were also monitored using Landsat imagery. (For interpretation of the references to colour in this figure legend, the reader is referred to the Web version of 
this article.)
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MPB, and water) was assessed using the ‘Zonal Statistics’ tool. Two key 
metrics were evaluated: cover, represented by the number of pixels 
classified within each category, and average NDVI, calculated for the 
entire area of the recovering saltmarsh (Haro et al., 2022). These metrics 
provided quantitative insights into benthic photosynthetic biomass 
(saltmarsh vegetation or MPB) and the annual recovery rates of the 
vegetated rewilded saltmarsh (Fig. S2).

2.3. Sediment characterization and biogeochemical profiles

Twelve sediment cores (internal diameter = 6 cm; length = 100 cm) 
were sampled in May 2021 from wild and rewilding saltmarshes. In each 
saltmarsh, three cores were collected from unvegetated sediments, pri
marily covered by MPB, and three from vegetated sediments, predomi
nantly consisting of Sarcocornia spp., whose aboveground biomass was 
manually removed without disturbing the sediment. Sediment cores 
were collected, transported immediately to the laboratory and frozen 
until further processing.

In the laboratory, sediment cores were cut longitudinally with an 
electrical saw (avoiding PVC particles from falling onto the sediment) 
and then sediment slices were sectioned at 2 cm intervals. The sediment 
samples were subsequently lyophilized. The sediment cores were ana
lysed following the procedure proposed in the blue carbon manuals 
(Howard et al., 2014). Profiles of sediment dry bulk density (DBD), 
organic matter (OM), organic carbon (Corg), and Corg density were 
analysed. In addition, profiles of inorganic carbon (Cin), total nitrogen 
(NT) and δ13C isotopic analysis in the sediments were measured. DBD 
was determined as the dry sediment weight divided by the initial vol
ume. The OM was measured by loss on ignition (Heiri et al., 2001). Total 
carbon (CT) and NT contents were determined in dried sediment sam
ples. Corg was determined as the difference between CT measured in 
dried sediment samples and Cin measured on a second replicate com
busted previously at 550 ◦C for 5 h. Both samples were analysed on an 
Elemental Analyzer Flash EA112 (Thermos Finnigan) at the Central 
Services of the University of A Coruña. DBD and OM were measured in 
all 2-cm slices, whereas elemental C and N were analysed only in slices 
at 2, 4, 6, 8, 10, 14, 18, 22, 26, 30, 40, 50, 60, 70, 80, and 90 cm (un
corrected for compaction).

Sediment compaction was assumed to be linear and was estimated by 
recording the difference in length from the top of corer to the sediment 
surface, inside and outside the core liner, after insertion into the sedi
ment (Howard et al., 2014). The core compaction (average ± standard 
deviation) was 35 ± 22% for unvegetated and 60 ± 14% for vegetated 
sediments in the rewilding saltmarsh, while in the wild saltmarsh, the 
compaction percentages were 26 ± 10% for unvegetated and 0 ± 17% 
for vegetated sediments. After applying the respective compaction fac
tors, 2-cm slice data were averaged into corrected 5-cm depth intervals 
(0–5, 5–10, 10–15, 15–20, 20–25, 25–30, 30–40, 40–50, 50–60, 60–70, 
70–80, 80–90, and 90–100 cm) to avoid mixing slices from different 
depths.

2.4. Storage and burial rates of organic carbon and total nitrogen

Densities of Corg and NT were calculated from DBD and their % 
content and expressed in both g cm− 3 and g cm− 2, after applying 
compaction factors and assigning corrected depth intervals. Due to 
substrate hardness, sediment cores were collected to depths ranging 
from 60 to 90 cm. Corg and NT stocks were quantified (summed) from the 
vertical profiles of Corg density (t Corg ha− 1) and NT density (t NT ha− 1), 
respectively, and estimated up to a depth of 1 m (Corg-100cm stock; NT- 

100cm stock), assuming that Corg and NT densities remained constant in 
the deeper sediment layers. This approach facilities comparison with 
values reported in the literature. Corg stocks in wild and rewilding salt
marsh sediments were also converted to CO2 equivalents (t CO2 ha− 1).

To assess the effects of rewilding on the storage and burial rates of 
Corg and NT, we assumed a sediment accretion rate (SAR) of 0.69 ± 0.38 

cm y− 1, corresponding to recent average SAR values averaged over 100 
years (SAR100y) reported for vegetated mid-saltmarshes dominated by 
Sarcocornia sp. in the saltmarshes of ‘Los Toruños’ and ‘Odiel’, both 
located in the western coastal region of southern Spain (Andalusia) 
(Díaz-Almela et al., 2019, 2021). Based on the uncertainty (standard 
deviation) associated with this regional SAR, the upper 12 cm of sedi
ment were estimated to represent the last 17 years before sampling 
(from 2021 to 2004), with a plausible depth range of 5–18 cm when this 
uncertainty is considered. This range reflects reported SAR variability 
along the sediment column (0.31–1.07 cm y− 1) over centennial time
scales in these mid-vegetated saltmarshes. Therefore, the upper ~20 cm 
of sediment were assumed to have accumulated conservatively during 
the 20-year rewilding process. Based on these assumptions, Corg and NT 
storage were quantified for the upper 20 cm of sediment (Corg-20cm stock; 
NT-20cm stock), and average burial rates of Corg and NT during the 
rewilding process, expressed as g Corg m− 2 y− 1 and g NT m− 2 y− 1, were 
estimated as a first-order approximation for both vegetated and unve
getated sediments in the wild and rewilded saltmarsh.

2.5. Organic carbon isotopic analysis and Bayesian mixing model

Sediment homogenized samples for δ13C analyses were acidified 
with 2 N HCl to remove Cin (Komada et al., 2008). δ13C isotopic samples 
were analysed on a Flash IRMS coupled via a Conflo IV interface to a 
Delta V Advantage isotope ratio mass spectrometer (ThermoScientific) 
(Central Services of the University of A Coruña). Stable isotope mole 
fractions of Corg are given in delta notation (‰) relative to Vienna 
PeeDee Belemnite (VPDB) and atmospheric air, respectively. Due to the 
high cost of isotopic analysis, only one core per typology was isotopi
cally measured. In addition, note that δ13C measurements were taken at 
the same depths as Corg and NT.

Bivariate boxplot of the elemental and isotopic composition (i.e., 
δ13C versus Corg:NT ratio) for studied saltmarsh sediments were plotted 
using the ‘ggplot2’, ‘MASS’, and ‘ggforce’ packages in RStudio (version 
2022.07.2) (Pedersen, 2016; Venables and Ripley, 2022; Wickham, 
2016). Visual examination of the bivariate data was conducted using the 
bag-plot, where the ellipses representing the central 50 % of the data 
(bags) and the outliers were calculated and visualized using the stat_e
llipse function from the ‘ggforce’ package. The contributions of the 
various potential sources to the sediment OM were determined using a 
Bayesian stable isotope mixing model implemented with the ‘simmr’ 
package (Parnell et al., 2013). This model was applied from a dataset of 
δ13C values and Corg:NT ratios compiled by Jiménez-Arias et al. (2020), 
which included potential OM sources (e.g., green, brown and red sea
weeds, seagrass, saltmarsh vegetation and suspended particulate mate
rial) for the intertidal sediments of Cadiz Bay. These values were 
consistent with those later measured by de los Santos et al. (2023) for 
most macrophytes in the area. Unfortunately, the isotopic composition 
of MPB remains largely understudied worldwide, with existing datasets 
sparse and poorly constrained (Herman et al., 2000; Middelburg et al., 
2000), and consequently, it was excluded from the Bayesian stable 
isotope mixing model.

2.6. Statistical analysis

Generalized linear mixed models (GLMMs) with a Gamma distribu
tion and log-link function were used to evaluate the effects of saltmarsh 
type (wild vs. rewilded), sediment subtype (vegetated vs. unvegetated), 
and sediment depth (5, 10, 15, 20, 25, 30, 40, 50, 60, 70, 80 and 90 cm) 
on DBD, %OM, %OC, %Cin, %NT, and densities of Corg and NT (g cm− 3). 
Core was included as a random effect to account for differences in core 
length. Interactions between saltmarsh type and subtype were assessed 
using post-hoc pairwise comparisons with Tukey adjustment (Equation 
(1)). For all models, wild saltmarsh, unvegetated sediments, and the 0 
cm depth interval were set as the reference categories for interpreting 
fixed effects, which were evaluated based on model coefficients and 
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their associated p-values. All statistical analyses were conducted in 
RStudio (version 2022.07.2) using the packages ‘lme4’, ‘emmeans’ and 
‘readxl’ (Bates et al., 2015; Lenth and Piaskowski, 2025; Wickham and 
Bryan, 2015). 

Corg density ~ SaltmarshType * SaltmarshSubtype + DepthIntervals +
(1 | Core)                                                                        (Equation 1)

Stocks of Corg and NT (t ha− 1) in the top 20 cm of sediment (Corg-20cm 
stock; NT-20cm stock), as well as in the upper 100 cm (Corg-100cm stock; NT- 

100cm stock), were analysed using two-way ANOVAs with factors salt
marsh type and sediment subtype. Log transformations were applied 
when data did not meet the assumption of normality (Shapiro-Wilk test). 
After the two-way ANOVAs, post-hoc comparisons with Tukey's Honest 
Significant Difference (HSD) test were performed to evaluate differences 
between saltmarsh type (wild vs. rewilded) and subtype (vegetated vs. 
unvegetated) for stocks at 20 cm (representing nutrients potentially 
stored during rewilding) and at 100 cm (i.e., blue carbon). Two-way 
ANOVAs and post-hoc HSD comparisons were also used for the burial 

rates of Corg and NT in the upper 20 cm of sediment. All statistical an
alyses were conducted in RStudio (version 2022.07.2) using the ‘stats’, 
‘car’, ‘multcomp’, ‘multcompView’, and ‘readxl’ packages (Fox and 
Weisberg, 2011; Graves et al., 2012; Hothorn et al., 2008). All results are 
interpreted in the view of statistical clarity following the recommen
dations of Dushoff et al. (2019).

3. Results

3.1. Monitoring saltmarsh rewilding using remote sensing

The extent of the rewilded saltmarsh undergoing the rewilding 
process covered a total area of 588.9 ha (Fig. 1). Water cover ranged 
between 18.5 and 57.1 ha throughout the study period (i.e., less than 
10% of the total area) (Fig. 2; Fig. 3a). Before the rewilding process 
began in 2004 (Fig. S1), saltmarsh vegetation cover was very low (~34 
ha in 2003, ca. 5.7%). Most of the area consisted of bare, unvegetated 
sediment, which accounted for 91% of the desiccated saltmarsh, with an 

Fig. 2. Saltmarsh extent before and after the rewilding process initiated in 2004, showing ten years before (1994), one year before (2003), ten years after (2014), and 
twenty years after (2024), based on Landsat multispectral imagery. The figure includes True-color and False-color compositions, as well as classified maps based on 
NDVI analysis. Scale 1:80,000. (For interpretation of the references to colour in this figure legend, the reader is referred to the Web version of this article.)
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average NDVI of 0.124 ± 0.045 (Fig. 2). Saltmarsh cover reached its 
minimum (11 ha) two years after the tidal wall was reopened in 2004, 
followed by a pronounced and progressive recovery that peaked in 2013 
(166 ha) with wide fluctuations in subsequent years (Fig. 3a). Saltmarsh 
vegetation stabilised between 2020 and 2024, reaching values of ~140 
ha (23.8% of the analysed area), which reflects an 85% increase since 
2004. In contrast, vegetation in the control (wild) saltmarsh remained 
stable during this period, consistently covering 10.2 ± 0.3% (4.7 ± 0.1 
ha) of the analysed area, showing a mean NDVI of 0.42 ± 0.02 (Fig. 3c). 
In the rewilded site, bare sediment (whether colonised by MPB or not) 
showed a trend opposite to that of saltmarsh vegetation (Fig. 3a). The 
average NDVI of saltmarsh vegetation and bare sediment over the past 
30 years were 0.314 ± 0.022 and 0.140 ± 0.004, respectively (Fig. 3c). 
After the opening of the wall in 2004, the MPB NDVI oscillated between 
0.132 and 0.154. In contrast, NDVI for saltmarsh vegetation increased 
from 0.299 in 2008 to 0.349 in 2024. Although this value remains 
slightly lower than the average NDVI recorded for wild saltmarsh 
vegetation, it represents a 16.7% relative increase in NDVI for the 
rewilded saltmarsh vegetation (Fig. 3d).

3.2. Sediment characteristics and content in organic matter, carbon and 
nitrogen

In the rewilded saltmarsh, the sediment was dark grey, characteristic 
of fine, muddy material with a high percentage of grains smaller than 63 
μm, while in the wild saltmarsh, the upper 40 cm consisted of muddy 
sediment as well, but a transition was observed from a sandier compo
sition in the deeper layers (Fig. S3). The mean DBD was lower in 
rewilded saltmarsh compared to wild saltmarsh (p < 0.001, GLMM; 
Fig. S4a and b). In unvegetated sediments, values ranged from 0.42 to 
0.61 g cm− 3 (rewilded) and 0.62–1.36 g cm− 3 (wild). In vegetated 
sediments, average DBD was also lower in the rewilded saltmarsh 
compared to the wild one (Table 1; p < 0.001, GLMM). A clear increase 
in DBD with depth was observed in wild sediments from 10 cm down
ward (all p < 0.05, GLMM). The GLMM results are summarized in 
Table 2.

OM, Corg, and NT contents (%) were clearly higher in the rewilded 
saltmarsh than in the wild saltmarsh, and in vegetated sediments 
compared to unvegetated ones (Fig. S4; Fig. S5; Table 1). OM, Corg, and 

Fig. 3. Annual changes in: (a) cover (ha and %) of water, saltmarsh vegetation, and bare sediment with/without microphytobenthos (MPB) in the rewilded salt
marsh; (b) saltmarsh vegetation cover (%) in wild and rewilded saltmarshes; (c) mean NDVI for saltmarsh vegetation and bare sediment with MPB in the rewilded 
saltmarsh; and (d) mean NDVI of saltmarsh vegetation in wild and rewilded saltmarshes. All values were derived from Landsat imagery. Rewilding began in 2004 
following the removal of the wall that restricted tidal flow (grey dashed line). Data cover the period 1994–2024.

Table 1 
Averages (Av.) and standard deviation (SD) of dry bulk density (DBD, g cm− 3), organic matter (OM, %), organic carbon (Corg, %), inorganic carbon (Cin, %), total 
nitrogen (NT, %) for a wild saltmarsh and in a rewilded saltmarsh, both in non-vegetated sediments and in vegetated sediments.

DBD (g cm− 3) OM (%) Corg (%) Cin (%) NT (%)

Av SD Av SD Av SD Av SD Av SD

Wild saltmarsh Unvegetated 1.1 0.4 6.1 3.0 0.9 0.4 2.4 0.6 0.1 0.0
Vegetated 1.3 0.5 7.6 4.5 1.7 0.8 1.7 0.6 0.1 0.0
Av ± SD 1.2 0.4 6.8 3.9 1.3 0.7 2.1 0.7 0.1 0.0

Rewilded saltmarsh Unvegetated 0.6 0.3 10.6 1.8 1.6 0.3 1.6 0.3 0.1 0.0
Vegetated 0.5 0.1 11.4 2.0 2.1 0.5 1.3 0.2 0.2 0.0
Av ± SD 0.6 0.2 11.0 2.0 1.9 0.5 1.4 0.3 0.14 0.03

Notes: N varies between 27 and 86 depending on the biogeochemical variable, sediment core length, and saltmarsh type/subtype. Statistical significance of differences 
is explicitly addressed using generalized linear mixed models (Table 2).
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NT contents were largely associated with DBD (Fig. S6) and strongly 
intercorrelated (Fig. S7). These relationships varied between sites, the 
wild vegetated saltmarsh showing a pattern that stood out among the 
other environments. OM content was 54% higher in the rewilded salt
marsh (Table 1) than in the wild saltmarsh (p < 0.001, GLMM; Table 2), 
with a slight increase (~1%) observed in vegetated sediments (p =
0.009, GLMM). Similar patterns were found for Corg (Fig. S5a and b), 
with higher values in the rewilded than in the wild saltmarsh (Table 1; p 
< 0.001), and in vegetated than in unvegetated sediments (p < 0.01). NT 
content also followed this trend (Fig. S5e and f), being greater in the 
rewilded than in the wild saltmarsh (p < 0.001), and in vegetated than in 
unvegetated sediments (p = 0.037). Contents of OM, Corg and NT 
decreased clearly with depth, particularly from 25 to 30 cm downward, 
especially in vegetated sediments (all p < 0.05). NT in unvegetated 
sediments remained relatively stable in the top 30 cm. Unlike the other 
variables, Cin content was higher in the wild saltmarsh than in the 
rewilded one, and in unvegetated sediments compared to vegetated ones 
(Fig. S5 c, d; Table 1).

3.3. Organic carbon and nitrogen stocks from density profiles

Corg density (g cm− 3) differed clearly between vegetated and unve
getated sediments (p < 0.001, GLMM, Table 2), with higher Corg density 
in vegetated (0.016 ± 0.007 g cm− 3) than in unvegetated wild saltmarsh 
sediments (0.007 ± 0.004 g cm− 3) (Fig. 4a and b). No clear differences 
were detected between wild (0.012 ± 0.007 g cm− 3) and rewilded 
saltmarsh (0.009 ± 0.003 g cm− 3). A clear interaction between salt
marsh type (wild vs. rewilded) and sediment subtype (vegetated vs. 
unvegetated) indicated that the positive effect of vegetation on Corg 
density was smaller in rewilded than in wild sediments (p < 0.001). 
Depth intervals showed no clear differences in the upper layers, with 
clear decreases observed only in deeper sediments: Corg density declined 
at 80 cm (p < 0.001), and NT density at 50–80 cm (p ≤ 0.016).

Overall, Corg-100cm stocks tended to be lower in wild (30.5 ± 11.0 t 
Corg ha− 1) than in rewilded saltmarshes (47.9 ± 11.0 t Corg ha− 1), 

equivalent to 111.7 and 175.7 t CO2 ha− 1, respectively (Fig. 5a) (F =
10.656, p = 0.012, two-way ANOVA). In addition, Corg-100cm was slightly 
higher in vegetated sediments (45.2 ± 14.1 t Corg ha− 1) than in unve
getated sediments (33.2 ± 11.9 t Corg ha− 1) (F = 4.480, p = 0.067, two- 
way ANOVA), although this difference was not statistically clear. Two- 
way ANOVA results were summarized in Table S3.

The NT densities were highest in the upper 30 cm of wild saltmarsh 
sediments, decreasing gradually below that depth (Fig. 4c and d). The 
decrease was statistically clear in the deepest layers, especially in 
unvegetated sediments. Within the wild saltmarsh, NT density was 
notably lower in unvegetated sediments (range 0.0001–0.0005 g NT 
cm− 3) than in vegetated areas (range 0.001–0.0001 g NT cm− 3). 
Rewilded vegetated sediments showed the highest NT densities (0.00068 
± 0.00022 g NT cm− 3), while unvegetated wild sediments had the 
lowest. Overall, NT densities were clearly higher in rewilded saltmarshes 
(p = 0.003) and in vegetated sediments (p < 0.001; Table 2). NT stocks 
in the upper 100 cm of sediment (NT-100cm) were higher in rewilded 
saltmarshes (3.6 ± 1.6 t NT ha− 1) than in wild saltmarshes (1.6 ± 0.6 t 
NT ha− 1) (Fig. 5b; F = 31.428, p < 0.001, two-way ANOVA). Similarly, 
NT-100cm stocks were slightly higher in vegetated sediments than in 
unvegetated sediments (2.9 vs 2.3 t NT ha− 1), but this effect was not 
clear (F = 3.577, p = 0.09, two-way ANOVA; Table S3).

3.4. Nutrient storage and sequestration rates during the rewilding process

The difference in sedimentary Corg and NT stored in the upper 20 cm 
between wild and rewilded saltmarshes reflects the potential effect of 
rewilding, assuming an average SAR of 0.69 ± 0.38 cm y− 1 (Díaz-Almela 
et al., 2019, 2021). Over 20 years, Corg stocks tended to be higher in 
vegetated than in unvegetated sediments, reaching slightly higher 
values in vegetated rewilded sediments (15.7 ± 5.7 t ha− 1) than in 
vegetated wild sediments (11.8 ± 4.5 t ha− 1), but these differences were 
not clear (F = 4.660, p = 0.063, two-way ANOVA) (Fig. 5c; Table S3). NT 
storage in this period was 0.8 ± 0.3 and 1.1 ± 0.4 t ha− 1 in vegetated 
wild and vegetated rewilded saltmarsh sediments, respectively (Fig. 5d), 
showing a similar trend towards higher values in vegetated sediments, 
although this difference was not statistically clear (F = 4.544, p = 0.066, 
two-way ANOVA).

Over the 20-year rewilding period, Corg burial rates in the wild 
saltmarsh were two times higher in vegetated sediments than in unve
getated ones, with values of 133.2 ± 34.9 and 52.8 ± 19.0 g Corg m− 2 

y− 1, respectively (Fig. 6a). The difference was statistically clear (Tukey 
HSD, p < 0.001). In contrast, in the rewilded saltmarsh, the average Corg 
burial rate was similar 69.0 ± 21.2 g Corg m− 2 y− 1), regardless of 
vegetation. Thus, burial rates in the rewilded saltmarsh were approxi
mately 26% lower than those in the wild saltmarshes since the onset of 
rewilding. A similar pattern was found for NT burial rates (Fig. 6b), with 
values of 6.8 ± 1.9 g NT m− 2 y− 1 in the rewilded saltmarsh, and 5.6 ±
1.6 and 12.4 ± 2 0.5 g NT m− 2 y− 1 in unvegetated and vegetated wild 
saltmarsh, respectively.

The stoichiometric ratio of Corg to NT burial rates (mol:mol) showed a 
trend towards a higher relative accumulation of Corg with respect to NT 
in the wild vegetated saltmarsh (12.4 ± 2.4), compared to the wild 
unvegetated sediments (10.8 ± 2.4) and both environments in the 
rewilded saltmarsh (~12 in both vegetated and unvegetated areas).

3.5. Isotopic analysis

Vertical δ13C profiles of Corg were more negative in the rewilded 
(− 14.1 – (− 24.3) ‰) than in the wild saltmarsh (− 4.1- (− 21.3) ‰) for 
both vegetated and unvegetated sediments (Fig. S8). At the rewilded 
site, δ13C values remained stable with depth in vegetated sediments but 
became more negative in unvegetated sediments, whereas in the wild 
saltmarsh they became progressively less negative with depth, regard
less of vegetation cover.

The bivariate plot of molar sediment Corg:NT ratio with versus δ13C 

Table 2 
Summary of the generalized linear mixed model (GLMM) results for sediment 
profiles in wild and rewilded saltmarshes, considering vegetated and unvege
tated sediment layers.

Variable Saltmarsh 
type 
(Rewilded vs 
Wild)

Saltmarsh subtype 
(Vegetated vs 
Unvegetated)

Depth 
(relative to 
0 cm)

Interaction 
(Type ×
Subtype)

DBD (g 
cm¡3)

↓ *** ns ↑ 10–80 cm 
**

↓ Rewilded x 
Vegetated ***

OM (%) ↑ *** ↑ ** ↓ 25–80 cm 
*

ns

Corg (%) ↑ *** ↑ ** ↓ 30–80 cm 
*

ns

Corg 

density 
(g 
cm¡3)

⋅ ↑ *** ↓ 80 cm 
***

↓ Rewilded x 
Vegetated **

NT (%) ↑ *** ↑ * ↓ 30–80 cm 
*

ns

NT 

density 
(g 
cm¡3)

↑ ** ↑ *** ↓ 50–80 cm 
*

↓ Rewilded x 
Vegetated *

CT (%) ns ns ↓ 25–60 cm 
*

ns

Cin (%) ↓ *** ↓ ** ↑ 70–80 cm 
*

ns

Notes: Wild saltmarsh, unvegetated sediments, and 0 cm depth are the reference 
categories. Arrows indicate significant increases (↑) or decreases (↓) relative to 
the reference. Significance codes for model estimates and post-hoc Tukey HSD 
comparisons: ***p < 0.001, **p < 0.01, *p < 0.05, . p ≤ 0.1 (marginal signifi
cance). ns = not significant.
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was used to assess differences in OM sources between the two envi
ronments and to compare them with potential sources of sedimentary 
Corg (Fig. 7). In the rewilded saltmarsh, the Corg:NT ratio ranged from 
13.6 to 20.8 mol Corg: mol NT

− 1 in unvegetated sediment and from 13.3 to 
17.2 mol mol− 1 in vegetated sediments. In comparison, in the wild 
saltmarsh, the ratio ranged between 8 - 19.1 and 12.9–23.9 mol mol− 1 

for unvegetated and vegetated wild saltmarsh sediments, respectively. 
This bivariate plot clearly shows what was observed in the δ13C vertical 
profiles, i.e., a more negative range of values for the rewilded salt
marshes compared to the wild saltmarshes, particularly for rewilded 
vegetated sediments, which also presented lower data dispersion. In 
general, vegetated and unvegetated sediment in rewilded saltmarshes 

tended to differ more in δ13C values, while wild vegetated and unve
getated sediment tended to present similar ranges of δ13C, but different 
ranges of Corg:NT ratios, with higher values in wild vegetated sediment.

The contribution of potential sources to sedimentary Corg stored in 
wild and rewilded saltmarsh sediments was estimated using a Bayesian 
mixing model. Suspended particulate matter (SPM), Rhodophyta, 
Chlorophyta, Caulerpa prolifera, Nanozostera noltei, Sporobolus maritimus, 
and Sarcocornia sp. were used in the analysis (Fig. 8), while three other 
potential sources, i.e. Halimione portulacoides, Cymodocea nodosa, and 
Phaeophyceae, were excluded since their isotopic signatures were 
highly similar to those of Sarcocornia sp., N. noltei and S. maritimus, 
respectively (Fig. 7). In wild saltmarshes, the macroalga C. prolifera was 

Fig. 4. Vertical profiles of average organic carbon (Corg) and total nitrogen (NT) densities, expressed in g cm− 3, in a wild saltmarsh (in black) and in a rewilded 
saltmarsh (in red) in non-vegetated sediments (a, c) and in vegetated sediments (b, d). Error bars represent the standard deviation (n = 3). The sediment depth was 
corrected by the compaction factor, and depth intervals were applied. (For interpretation of the references to colour in this figure legend, the reader is referred to the 
Web version of this article.)
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the primary contributor, with a median contribution of approximately 
40%, followed by SPM (18%), Rhodophyta (10%), Chlorophyta (6%), N. 
noltei (6%), S. maritimus (5%), and Sarcocornia sp. (4%) (Fig. 8). In 
contrast, in rewilded saltmarsh sediments, Rhodophyta was the main 
source, contributing nearly 48%, whereas SPM and C. prolifera 
accounted for approximately 13% and 12%, respectively. The remaining 
sources, Chlorophyta, N. noltei, S. maritimus, and Sarcocornia sp. 
contributed between 4% and 9%. Consequently, the contribution of 
higher saltmarsh vegetation such as Sporobolus maritimus and Sarco
cornia sp. to sedimentary Corg storage was surprisingly minimal.

4. Discussion

Rewilding of desiccated saltmarshes reshaped sediment properties 
and OM distribution, influencing Corg and NT accumulation. Vegetated 
rewilded sediments accumulated higher OM, whereas wild sediments 
retained pronounced vertical gradients with elevated Corg and NT in the 
upper layers. Landsat imagery confirmed vegetation recovery since 
2004 following restoration of tidal flow. Despite this recovery, burial 
rates after 20 years were similar across all areas, emphasizing how 
sediment characteristics, vegetation, and historical processes interact to 
determine the long-term storage of Corg and NT. Over the long term, the 
highest blue carbon stocks were found in vegetated rewilded sediments, 
regardless of the rewilding process.

4.1. Spatiotemporal changes in saltmarsh vegetation during rewilding

Our findings highlight the capacity of freely available, medium- 
resolution satellite imagery to monitor the long-term ecological 

outcomes of coastal rewilding. Using the Landsat series, we show the 
progressive recovery and eventual stabilization of saltmarsh vegetation 
following tidal wall reopening, capturing more than two decades of 
change. Landsat imagery has been widely used to monitor spatiotem
poral changes in saltmarsh vegetation (Lopes et al., 2019; Zhang et al., 
2023). More recently, other Earth Observation tools have been 
employed to monitor saltmarshes, including open-source satellite im
agery such as Sentinel-2, and drone flights equipped with multi- and 
hyperspectral cameras or LIDAR detection (Curcio et al., 2023, 2024). 
However, Landsat imagery remains the only satellite dataset enabling 
the exploration of spatiotemporal trends dating back to the early 2000s 
and even earlier. While machine learning or deep learning algorithms 
can be developed to identify saltmarsh vegetation (Doughty et al., 2024; 
Naojee et al., 2024), the approach proposed in this study (using NDVI 
values above 0.25 to differentiate saltmarsh vegetation from bare sedi
ment covered by MPB) has proven effective in detecting saltmarsh 
vegetation changes over a 30-year period (1994–2024). These NDVI 
thresholds were based on previous studies conducted in Cadiz Bay on 
intertidal sediments and saltmarshes, and can be helpful to study long 
term changes in vegetation cover and quantify the blue carbon storage 
capacity of these ecosystems (Curcio et al., 2023; Haro et al., 2022).

The increase in vegetation cover and NDVI in the rewilded site, 
compared with the stability observed in the wild saltmarsh, underscores 
the capacity of rewilding to drive rapid and sustained recovery of salt
marsh vegetation. Vegetation cover expanded from about 8.9% of the 
rewilded area (52.4 ha) in 2004, prior to the tidal-wall breaching, to 
26.8% (157.9 ha) in 2024, representing an average recovery rate of 
roughly 1% (5.7 ha) per year. (Fig. 3a; Fig. S2). After the tidal wall was 
opened in 2004, saltmarsh vegetation first declined between 2004 and 

Fig. 5. Stocks of organic carbon (Corg) and total nitrogen (NT) in wild (black) and rewilded (red) saltmarshes, in non-vegetated (empty) and vegetated (filled) 
sediments: a, b) top 100 cm of sediment (t ha− 1); c, d) top 20 cm, representing sediment accumulated during rewilding (2004–2024). Error bars represent the 
standard deviation (n = 3). (For interpretation of the references to colour in this figure legend, the reader is referred to the Web version of this article.)
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2006, probably because of the sudden change in tidal flooding and the 
die-off of mid-marsh vegetation near the wall. This early setback, with a 
loss of between 36 ha y− 1 in 2006 (Fig. S2), was followed by a faster 
recovery, above >1.4% y− 1 from 2008 to 2013, and an oscillating but 
generally increasing trend up to the present (Fig. 3a). Comparable 
studies show that our average recovery rate falls within the range re
ported for other saltmarsh rewilding and recovery studies. Chapple and 
Dronova (2017) observed vegetation recovery rates of 0.2 ha y− 1 after a 

historical drought in California and up to 2.1 ha y− 1 in wetter years, both 
notably slower than at our rewilded saltmarsh. van Belzen et al. (2017)
reported recovery rates ranging from <0.01 ha y− 1 in stressed marshes 
to 0.08–0.13 ha y− 1 under optimal conditions, indicating that our 
average rate is moderately high.

Vegetation and bare sediment showed clear oscillations before and 
after the breach, with recolonization concentrated along the main tidal 
creek in the north and smaller creeks in the southeast (Fig. 2). While 
specific ecological factors such as salinity, sedimentation, or elevation 
that may influence annual recovery rates cannot be fully determined 
from the available data, the observed patterns provide clear evidence of 
successful rewilding following historical desiccation and the subsequent 
re-establishment of tidal exchange. Saltmarsh plants initially recolon
ized previously desiccated creeks, indicating that natural rewetting 
during rewilding may facilitate recovery. Despite the 30 m resolution of 
Landsat imagery and minor tidal variations affecting early detection 
(Doughty et al., 2024), the analyses captured heterogeneous recoloni
zation patterns. Although recovery rates were modest, they show that a 
simple passive approach of breaching the tidal wall to restore tidal flow 
can effectively support long-term restoration. Additional measures, such 
as creek re-excavation or targeted replanting, could further enhance 
these gains (Rowland et al., 2024).

NDVI depends on primary producer biomass and their physiological 
stage and growth, which are assumed to be correlated with chlorophyll 
content (Gamon et al., 1995; Zhang et al., 2021). In the rewilded salt
marsh, we observed an increase in the average NDVI for bare sediments 
(from 0.132 to 0.154) and for vegetated saltmarshes (from 0.324 to 
0.349) across the entire studied area after the restoration of the tidal 
flow (Fig. 2; Fig. 3b). These increases were attributed to the recovery of 
photosynthetic biomass, primarily MPB in the bare sediment environ
ment, and saltmarsh vegetation, mainly Sporobolus maritimus and Sar
cocornia sp. in this area. NDVI values for MPB during the rewilding 
process were comparable to those reported for temperate tidal flats 
(Benyoucef et al., 2014; Brito et al., 2013; Van der Wal et al., 2010), 
including the inner Cadiz Bay (Haro et al., 2022), and for tropical tidal 
flats (Haro et al., 2025). Similarly, NDVI for the saltmarsh vegetation 
were in the same range as those reported for Sarcocornia spp. and 
Sporobolus maritimus, in saltmarshes located in inner Cadiz Bay (Curcio 
et al., 2024). While seasonal dynamics of MPB and different species of 
saltmarsh vegetation have been observed using remote sensing, we 
decided to exclude the analysis of seasonal dynamics in this long-term 
study, because the biomass peak of each of the main primary pro
ducers in the rewilded saltmarsh occurs in different seasons: MPB in 
winter, Sarcocornia sp. in autumn, and Sporobolus maritimus in spring 
(Curcio et al., 2024; Haro et al., 2022). Therefore, only summer Landsat 

Fig. 6. Box plots of burial rates of organic carbon (Corg) and total nitrogen (NT), 
expressed as g m− 2 y− 1, within the upper 20 cm of sediment in a wild saltmarsh 
(in black) and in a rewilded saltmarsh (in red), for non-vegetated (empty bars) 
and vegetated (filled bars) sediments. The 20 cm depths correspond to vertical 
accretion accumulated during the rewilding process between 2004 and 2024. 
The line within each box plot represents the median, and the cross symbol in
dicates the mean (n = 12). Letters indicate clear differences between groups 
according to Tukey HSD (p < 0.05). (For interpretation of the references to 
colour in this figure legend, the reader is referred to the Web version of 
this article.)

Fig. 7. Bivariate plot of the elemental (Corg:NT) and δ13C isotopic composition 
of unvegetated sediments and vegetated sediments from a wild and a rewilded 
saltmarsh and of some potential sources of organic matter. Shaded ellipses 
represent the area containing 50% of all values. Dashed line represents the bag 
expanded by a factor of 3; values outside this region are potential outliers. 
Potential sources of Corg are represented by green triangles, with error bars 
indicating the standard error. (For interpretation of the references to colour in 
this figure legend, the reader is referred to the Web version of this article.)

Fig. 8. Estimated contributions of different sources of Corg in wild and rewilded 
saltmarsh sediments estimated with a Bayesian mixing model. Bars represent 
the median contribution of each source, with error bars indicating the 25th and 
75th credibility intervals.
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images were selected in this study to avoid the biomass peak of the three 
main primary producers in the area. In this sense, although some overlap 
in NDVI values between MPB and saltmarsh vegetation may occur, most 
likely during the recolonization of previously bare sediments by salt
marsh vegetation, the use of summer imagery minimizes this effect, 
allowing a robust discrimination of saltmarsh vegetation at the spatial 
and temporal scale considered. Moreover, the use of a conservative 
NDVI threshold of 0.25 was further verified by visual inspection against 
RGB composites (Fig. 2), confirming an accurate delineation of salt
marsh vegetation.

4.2. The effect of rewilding on saltmarsh carbon and nitrogen stocks and 
burial rates

In this study, we attempted to date sediment cores using the 210Pb 
method; however, the establishment of reliable age-depth models was 
not possible due to sediment mixing and physical disturbance associated 
with (1) historical land-use modifications (i.e., saltmarsh desiccation), 
(2) tidal erosion affecting unvegetated saltmarsh sediments, (3) bio
turbation by benthic macrofauna in intertidal sediments or (4) enhanced 
deposition of fine-grained sediments reported for northern Cadiz Bay 
since the mid-20th century (Díaz-Almela et al., 2021; Jiménez-Arias 
et al., 2016; Martínez-Sánchez et al., 2023). Previous studies have 
documented the highest SAR in the uppermost centimetres of the sedi
ment column in this area (Díaz-Almela et al., 2019). Given these limi
tations, we assumed a regional SAR100y of 0.69 ± 0.38 cm y− 1 derived 
from nearby vegetated, mid-saltmarshes dominated by Sarcocornia sp., 
in the western coastal region of southern Spain (Díaz-Almela et al., 
2021). Under these assumptions, the rewilding process that began in 
2004 is expected to have affected only the upper ~20 cm of the sediment 
column (section 2.4).

To assess whether the tidal-wall breaching influenced Corg and NT 
burial and storage, we compared their stocks in the upper 20 cm (Corg- 

20cm and NT-20cm) between the rewilded and wild saltmarshes, assuming 
similar SAR at both saltmarshes. Applying this regional SAR may 
introduce some bias. The SAR specifically associated with the rewilding 
period (SAR20y) remains unknown, but is expected to be higher than the 
long-term average, particularly in the surface layers, as suggested by 
previously reported SAR profile for Cadiz Bay (Díaz-Almela et al., 2019), 
together with enhanced deposition of fine-grained sediments reported 
for northern Cadiz Bay since the mid-20th century (Martínez-Sánchez 
et al., 2023). Furthermore, the adopted SAR100y value of 0.69 cm y− 1 

falls within the range expected from SAR of 0.5–1 cm y− 1 reported for 
Cadiz Bay (assuming sediment accumulation rates of 0.5–1 g sediment 
cm− 2 y− 1 and DBD of 1 g cm− 3; Gracia et al., 2017; Jiménez-Arias et al., 
2016). Therefore, applying a constant SAR of 0.69 cm y− 1 and inte
grating over the upper 20 cm of sediment represents a reasonable and 
conservative approach for assessing rewilding-induced changes in 
sedimentary Corg and NT burial. In addition, the vertical profiles of the 
different variables analysed in this study (Fig. 4, Figs. S4 and S5) showed 
a change in trend around 20 cm depth in both vegetated and unvege
tated sediments of the rewilded saltmarsh. This vertical pattern may 
indicate a change in the ecological and biogeochemical conditions due 
to the re-establishment of tides in 2004, supporting the choice of the 
upper 20 cm of the sediment column to assess rewilding-related changes.

Both Corg-20cm and NT-20cm stocks were slightly higher in the rewilded 
saltmarshes compared to the wild ones, although these differences were 
not statistically clear. This supports the initial hypothesis that rewilded 
saltmarshes, despite their younger age, can develop Corg and NT storage 
capacities comparable to than those of reference systems. This finding is 
consistent with the results reported by Mason et al. (2023), who, after 
analysing 431 scientific studies worldwide, concluded that restored 
saltmarshes in Europe stored more Corg than natural ones (438.83 ±
191.97 vs 342.1 ± 223.45 t Corg ha− 1). However, this general trend must 
be interpreted with caution due to the limited number of European case 
studies included in the review (n = 22) and the elevated variability 

observed across reference saltmarshes, within the same region 
(Díaz-Almela et al., 2019) and globally (Mason et al., 2023). In addition, 
several studies have shown that the time elapsed since the onset of 
restoration plays a crucial role in determining sedimentary Corg storage 
(Burden et al., 2019; Call and Bauman, 2021; Gulliver et al., 2020). This 
highlights the need for further research effort into the potential causes of 
Corg storage variability among saltmarshes. Particularly, studies to 
analyse the changes in Corg stocks along the full trajectory of saltmarsh 
transformation, from initial natural conditions, through the anthropo
genic land use transformation, and during the rewilding or restoration 
process are essential to fully understand carbon sequestration dynamics 
in rewilded and restored saltmarshes. However, pre-rewilding Corg 
stocks cannot be measured retrospectively. In this study, although 
baseline carbon data prior to rewilding are unavailable, the assessment 
of annual recovery of saltmarsh vegetation using Landsat imagery has 
provided valuable insights into the pace and trajectory of ecosystem 
recovery.

Vegetated saltmarshes, both wild and rewilded, tended to store 
higher Corg and NT than bare sediments in the upper 20 cm (Fig. 5c and 
d). At the same time, burial rates were consistently highest in vegetated 
wild saltmarshes, exceeding those in unvegetated wild and both vege
tated and unvegetated rewilded sediments over the 20-year rewilding 
period (Fig. 6). While Corg-20cm and NT-20cm stocks were higher in 
vegetated rewilded than in vegetated wild sediments, the average burial 
rates over the same period showed different results due to the calcula
tion method (section 2.4). Consequently, higher average Corg and NT 
burial occurred in vegetated wild saltmarshes compared to the rewilded 
saltmarsh (Fig. 6a) within the upper 20 cm. In the vegetated rewilded 
saltmarsh, we measured average burial rates of 66 g Corg m− 2 y− 1 over 
the first 20 years, which are within the range of values reported for 
vegetated low-marsh sediments at 100 cm depth in the inner Cadiz Bay 
(48–91 g Corg m− 2 y− 1; de los Santos et al., 2023; Jiménez-Arias et al., 
2020).

In the unvegetated rewilded saltmarsh, Corg burial averaged 72 g Corg 
m− 2 y− 1 during the first 20 years, higher than 53 g Corg m− 2 y− 1 

measured in our unvegetated wild saltmarsh (average for the upper 20 
cm) and similar to the 78 g Corg m− 2 y− 1 reported by Jiménez-Arias et al. 
(2020) for bare intertidal sediments down to 100 cm depth in the 
northwestern inner Cadiz Bay. These values are consistent with those 
reported for temperate saltmarshes in the Eastern England, where Corg 
burial rates reached 104 g C m− 2 y− 1 during the first 20 years following 
managed realignment and declined to 65 g C m− 2 y− 1 in later years 
(Burden et al., 2019). Globally, C burial rates vary widely across regions, 
with temperate marshes averaging 144 ± 6 g m− 2 y− 1 compared with 
88.7 ± 3.5 g m− 2 y− 1 in the Southern Hemisphere (Wang et al., 2021). 
The Corg burial rates measured in our vegetated wild saltmarsh (averages 
of 133 g Corg m− 2 y− 1), thus, fall within the upper range of values re
ported for temperate regions as well as globally, which can reach ~250 g 
Corg m− 2 y− 1 in reference saltmarsh (Mason et al., 2023). At the 
ecosystem scale, integrating the mean Corg burial rate for vegetated 
rewilded saltmarshes (66.3 ± 23.8 g C m− 2 y− 1; Fig. 6a) with the 
observed average annual recovery of vegetated saltmarsh (5.7 ha y− 1; 
Fig. S2) yields a first-order estimate of potential burial of 3.8 ± 1.4 t Corg 
y− 1 (equivalent to 14 ± 5 t CO2-eq y− 1). Assuming constant rates, this 
corresponds to a cumulative burial of approximately 76 ± 27 t Corg 
(⁓277 ± 99 t CO2-eq) over the 20-year rewilding period. This estimate 
should be interpreted with caution, as it extrapolates point-based burial 
rates to the landscape scale and does not account for spatial heteroge
neity in SAR and Corg burial across the recovering saltmarsh.

Similarly, NT burial rates in the upper 20 cm of vegetated wild 
saltmarsh (12 g NT m− 2 y− 1; Fig. 6b) were higher than those reported for 
bare intertidal and low-marsh sediments in the inner Cádiz Bay, ranging 
from ~4 g NT m− 2 y− 1 in the northwestern area (Jiménez-Arias et al., 
2020) to 7 g NT m− 2 y− 1 in the southeastern low marshes (de los Santos 
et al., 2023), and also higher than the 2–5 NT m− 2 y− 1 reported for 
low-to mid-marsh sediments in the Ria Formosa in Portugal (Martins 
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et al., 2022). These values are comparable to the ~6 g NT m− 2 y− 1 

measured in this study for unvegetated wild and both vegetated and 
unvegetated rewilded saltmarshes (Table S2), corresponding to 0.4 ±
0.1 t NT y− 1 for the vegetated rewilded saltmarsh (i.e., 7.7 ± 2.2 t NT 
over the rewilding process). In general, our results support the frequent 
observation of higher Corg stocks and burial rates in vegetated vs. 
unvegetated sediments, although these differences were not statistically 
clear in the rewilded saltmarsh. In principle, higher Corg and NT burial 
rates are expected in vegetated sediments due to enhanced OM accu
mulation and stabilization (Section B; Supplementary material). How
ever, despite the expansion of saltmarsh vegetation by more than 80% in 
rewilded areas between 2004 and 2024, this increase has not resulted in 
a statistically clearly higher Corg and NT sequestration in the accreted 
sediments. This suggests that the elevated long-term storage of Corg and 
NT in rewilded saltmarsh is not attributable primarily to the rewilding 
process, or at least not within a timeframe of just 20 years. Changes in 
land use from 1958, when the previous saltmarsh was desiccated, up to 
2004, when the tidal function was restored, likely had multiple 
biogeochemical consequences. Expected changes in SAR, sources of OM, 
dominant pathways and rates of OM diagenetic processes, complicate 
the interpretation of temporal evolution from available sediment pro
files. Overall, our results suggest that, while the capacity of the sediment 
in the rewilded saltmarsh to store Corg and NT may have largely recov
ered, two decades may not have been sufficient to allow an important 
accumulation due to limited sediment deposition (Rowland et al., 2024). 
These findings contrast with the hypothesis that a rapid recovery of Corg 
and NT stocks would occur during the initial years following the onset of 
restoration activities (Call and Bauman, 2021; Gulliver et al., 2020; 
Mason et al., 2023).

4.3. Blue carbon and nitrogen stocks in saltmarsh sediments

Regardless of the rewilding process, the assessment of Corg and NT 
stocks down to 1 m depth (Corg-100cm and NT-100cm) across different 
sedimentary environments, both vegetated and unvegetated, revealed a 
high degree of variability associated with habitat heterogeneity and 
vegetation zonation. As expected, Corg-100cm values were consistently 
slightly higher in vegetated saltmarsh sediments (Fig. 5a, Table S2), a 
pattern widely reported in the saltmarsh literature, although the 
magnitude of this difference varied substantially among sites and 
vegetation types. In this study, sediments vegetated by Sarcocornia sp. 
stored approximately 30–40% more Corg than their respective unvege
tated sediments, highlighting the role of vegetation and tidal erosion in 
the net budget of Corg sequestration. Overall, sedimentary Corg storage 
ranged between 92.7 and 200.5 t CO2 ha− 1 across both wild and 
rewilded saltmarshes and across vegetated and unvegetated sediments 
(Table S2). These values fall within the wide range reported for salt
marsh in the region. For instance, similar stocks have been reported for 
low-marsh Sporobolus maritimus in the southeastern inner Cadiz Bay 
(66.5 t Corg ha− 1; 243.8 t CO2 ha− 1; de los Santos et al., 2023), for the 
wild saltmarsh of ‘Los Toruños’ in Cadiz Bay (232.3–573.2 t CO2 ha− 1; 
Díaz-Almela et al. (2019)) and in the Odiel saltmarshes (217.6–450.8 t 
CO2 ha− 1; Díaz-Almela et al. (2019)). In Odiel, a rewetted mid-saltmarsh 
reported values of up to 609.5 ± 240.4 t CO2 ha− 1, whereas actively 
restored mid-saltmarsh showed much lower stocks (56.1 ± 34 t CO2 
ha− 1; Díaz-Almela et al., 2019). However, Corg stocks in the wild and 
rewilded saltmarshes studied here were within the range of values re
ported for low-marsh (25–366 t CO2 ha− 1) in Ria Formosa (Martins 
et al., 2022). This wide variability observed in Corg stocks, reflected in 
both mean values and standard deviations (Table S2), suggests that 
factors beyond tidal erosion play a key role in controlling long-term Corg 
storage in saltmarsh sediments. These include vegetation zonation 
(unvegetated sediments dominated by MPB, low-marsh zones domi
nated by Sporobolus maritimus, and mid-marsh zones dominated by 
Sarcocornia sp.), species-specific trapping efficiency, sediment dynamics 
and the incorporation of predominantly allochthonous OM (Fig. 8).

The NT-100cm stocks were also slightly higher in vegetated sediments 
(averages of 1.9 and 4 t NT ha− 1) than in unvegetated ones (average of 
1.4 and 3.2 t NT ha− 1) in both saltmarshes. In comparison, somewhat 
higher stocks have been reported for Sporobolus maritimus-dominated 
low-marsh sediments in the inner Cadiz Bay (5.9 t NT ha− 1; de los Santos 
et al., 2023) and in the Ria Formosa lagoon (2–10 t NT ha− 1; de los 
Santos et al., 2019; Martins et al., 2022). As observed in the wild and 
rewilded saltmarshes in our study, no clear differences in NT stocks 
between bare and vegetated sediments have been reported in other 
systems, such as the South Korean coast, where mean values reached ~6 
t NT ha− 1 (Kwon et al., 2022) and in the Ria Formosa lagoon (~12 t NT 
ha− 1; Casal-Porras et al., 2022). Both Corg-100cm and NT-100cm stocks were 
clearly higher in rewilded than in wild saltmarshes, although these 
differences may have existed prior to the rewilding process. The stoi
chiometric ratio between Corg-100cm and NT-100cm stocks reflected his
torical differences in the accumulation of these nutrients. The wild 
saltmarsh showed an overall Corg:NT ratio of about 22, whereas the 
rewilded saltmarsh had a ratio of about 15 (Fig. 7). This indicates that 
the wild saltmarsh stores relatively more Corg per unit of NT, while the 
rewilded area, despite holding larger absolute amounts of Corg, has 
accumulated proportionally more NT over time. Such divergences may 
result from variations in the stoichiometry of OM sources and early 
diagenetic processes within the sediment. They may also reflect natural 
spatial heterogeneity in sediment composition along the tidal creek, 
with sandier deposits near the creek mouth grading landward into finer, 
muddier sediments, a gradient that becomes strongly accentuated after 
tidal flow was interrupted by desiccation in the 1960s. Changes in ox
ygen availability associated with distinct emersion and immersion 
times, or even with complete penetration of O2 in desiccated sediment in 
the rewilded saltmarsh, can alter the mineralization pathways of OM. 
This may lead to differences in Corg content due to stimulation of oxic 
mineralization. Oxygen availability also affects nitrogen cycling, as it 
inhibits denitrification and likely promotes the accumulation of NT in 
sediments by reducing the release of gaseous nitrogen compounds such 
as N2 and N2O from desiccated sediments (Ji et al., 2015; Peng et al., 
2021). Furthermore, N2O emissions, as a byproduct of nitrification, in
crease when O2 concentrations decrease and NO3

− loads increase. 
Although the emission of gaseous nitrogen compounds mitigates 
eutrophication by reducing nitrogen load in coastal environments, N2O 
is a potent greenhouse gas and can largely offset the benefits of blue 
carbon burial. The high complexity of microbial and biogeochemical 
interactions between C, N, and O2, combined with the strong spatio
temporal variability of environmental conditions in saltmarshes, makes 
the interpretation and prediction of nitrogen storage capacity highly 
challenging at present.

4.4. Potential organic matter sources in rewilded saltmarsh sediment

The differences in δ13C composition of Corg between wild and 
rewilded saltmarshes suggest notable divergences in the contributions of 
potential OM sources, a pattern further supported by a Bayesian mixing 
model applied to pooled vegetated and unvegetated sediments, 
including the 100 cm layer (Fig. 8). In wild saltmarshes, Caulerpa pro
lifera was the primary contributor to sediment Corg (~40%) followed by 
suspended particulate matter (SPM, 18%) and other estuarine primary 
producers. The importance of C. prolifera as a source of detritus for the 
sedimentary Corg in Cadiz Bay might be due to its extensive coverage 
(~49%) in the subtidal zone (Haro et al., 2022; Morris et al., 2009), and 
to the considerable connectivity, via the horizontal transport of SPM, 
between different habitats within the bay (de los Santos et al., 2023; 
Jiménez-Arias et al., 2020). Strong tidal mixing and wind-induced tur
bulence in this shallow coastal ecosystem are likely responsible of the 
intense exchange of detritus and sediment within the bay (Periáñez 
et al., 2013; Zarzuelo et al., 2019). In contrast, in the rewilded salt
marsh, Rhodophyta contributed nearly 48% of Corg, with similar lower 
inputs from C. prolifera and SPM (~12% each). The dominance of 
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Rhodophyta as an OM source in the rewilded saltmarsh is unexpected, 
despite the reported presence of some species, such as Bostrychia scor
pioides in mid- and low-marsh zones of Cadiz Bay, Gracilariopsis long
issima in the nearby ‘Los Toruños’ saltmarsh (Pérez-Lloréns et al., 2004), 
and other Rhodophyta species across Cadiz Bay (Hernández et al., 
2010). The contrasting OM source profiles between wild and rewilded 
saltmarshes likely reflect differences in hydrodynamic conditions, 
vegetation cover, connectivity, and OM deposition pathways. Surpris
ingly, the contribution of higher saltmarsh vegetation, like Sarcocornia 
sp. and Sporobolus maritimus, was scarce in both saltmarshes (<8%). This 
is an unexpected result, as saltmarsh higher plants are generally known 
to contribute considerably to blue carbon storage (McLeod et al., 2011). 
However, their habitat characteristics facilitate the trapping of SPM of 
allochthonous origin, and the relative contribution of autochthonous 
and allochthonous Corg buried in these habitats is likely dependent on 
site-specific features such as geomorphology or tidal range (Bouillon 
et al., 2003; Middelburg et al., 1997). Similarly scarce was the contri
bution of other relevant primary producers in the Cadiz Bay, such as 
Nanozostera noltei or green macroalgae (i.e., Chlorophyta), while they 
cover substantial fractions of the intertidal area and accumulate clear 
standing biomass stocks (Haro et al., 2022).

The exclusion of potential sources such as Halimione portulacoides, 
Cymodocea nodosa, and Phaeophyceae from the model due to isotopic 
overlap (Fig. 7) highlights a common limitation in source resolution 
when using stable isotopes (Phillips et al., 2014). A further limitation of 
this study is the omission of MPB, the main benthic primary producer in 
the intertidal zones of the inner Cadiz Bay (Haro et al., 2020), whose 
isotopic signal has never been measured in this mudflat. The isotopic 
signal of MPB may range between δ13C values of − 23 to − 16 ‰; how
ever, this remains poorly constrained (Herman et al., 2000; Middelburg 
et al., 2000). For this reason, MPB was not included in the Bayesian 
mixing model, despite its well-documented role as an important source 
of Corg in intertidal sediments (Martins et al., 2022; Middelburg et al., 
2000). The apparent contribution of Rhodophyta in the rewilded salt
marsh might also result from overlap with MPB or other uncharacterized 
sources. Furthermore, our model was limited to a single tracer, 
combining δ13C and Corg:NT ratios, since δ15N was not analysed. 
Nevertheless, assessing the contribution of potential OM sources to the 
Corg stock down to 100 cm depth is in itself an interesting outcome, as 
this is rarely addressed, regardless of the rewilding process. Finally, the 
differences in source profiles between wild and rewilded saltmarshes 
underscore the variability in potential OM sources across sedimentary 
habitats within the same ecosystem. In particular, the lower contribu
tions of C. prolifera and SPM in rewilded sediments may reflect reduced 
connectivity with subtidal areas, less efficient trapping of particulate 
material, or differences in sediment compaction and retention. These 
characteristics are site-specific and spatially heterogeneous, even within 
a single saltmarsh, and can influence its long-term carbon sequestration 
capacity (Ouyang and Lee, 2014).

5. Conclusion

The re-establishment of tidal exchange as a nature-based solution to 
restore anthropogenically desiccated wetlands plays a pivotal role in 
promoting saltmarsh vegetation recovery and reinstating ecosystem 
services related to climate regulation and nutrient cycling. In this study, 
the rewilded saltmarsh achieved Corg and NT storage capacities (i.e., 
stocks at 20 cm) that were comparable to those of reference saltmarshes, 
although evidence for rapid nutrient accumulation during the early 
years of rewilding is not clearly observed. The highest nutrient stocks 
were recorded in rewilded saltmarsh, mainly vegetated sediments, 
indicating that long-term nutrient accumulation was influenced by 
processes occurring prior to rewilding. These discrepancies raise 
important questions, such as how many years are required for rewilded 
saltmarshes to fully restore their ecosystem services and which envi
ronmental drivers influence the pace and outcome of the rewilding 

process.
To evaluate the effects of rewilding and restoration programs on 

various ecosystem functions, long-term, integrated studies that combine 
multiple approaches, including direct on-site metabolic measurements 
using benthic chambers and remote sensing techniques, are essential. 
Furthermore, increasing the number of long sediment cores analysed for 
C and N contents and isotopic signatures, despite the high costs 
involved, is crucial to account for the considerable spatial heterogeneity 
and complexity of saltmarshes. Future studies should also consider the 
role of bioturbators, as their sediment reworking may significantly in
fluence carbon and nitrogen distribution and overall ecosystem 
functioning.

Despite limitations in assessing pre-rewilding sediment conditions 
and chronological reconstruction, likely caused by sediment mixing in 
the upper layers produced during land-use transformation, our findings 
highlight the potential of rewilding to restore key biogeochemical 
functions and contribute to climate change mitigation and improved 
nutrient regulation in coastal areas.
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Dias, M.P., Barillé, L., 2013. Seasonality of microphytobenthos revealed by remote- 
sensing in a South European estuary. Cont. Shelf Res. 66, 83–91. https://doi.org/ 
10.1016/j.csr.2013.07.004.

Burden, A., Garbutt, A., Evans, C.D., 2019. Effect of restoration on saltmarsh carbon 
accumulation in Eastern England. Biol. Lett. 15, 3. https://doi.org/10.1098/ 
rsbl.2018.0773.

Burden, A., Garbutt, R.A., Evans, C.D., Jones, D.L., Cooper, D.M., 2013. Carbon 
sequestration and biogeochemical cycling in a saltmarsh subject to coastal managed 
realignment. Estuar. Coast Shelf Sci. 120, 12–20. https://doi.org/10.1016/j. 
ecss.2013.01.014.

Call, S.M., Bauman, J.M., 2021. Tidal marsh plant community development within four 
restored lowland estuaries in the Western Peninsulas of Washington State, USA. Am. 
J. Plant Sci. 12, 1543–1558. https://doi.org/10.4236/ajps.2021.1210109.

Casal-Porras, I., de los Santos, C.B., Martins, M., Santos, R., Pérez-Lloréns, J.L., Brun, F. 
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conocimiento de los macrófitos marinos del saco interno y caños adyacentes de la 
bahía de Cádiz. Soc. Española Ficología 43, 11–16.
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Jiménez-Arias, J.L., Mata, M.P., Corzo, A., Poulton, S.W., März, C., Sánchez-Bellón, A., 
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